Articles
Numerous linkages exist between pelagic communities and marine sediment biota, as well as between organisms living just above and below the sediment-water interface (Snelgrove et al. 2000) . In general, gross ecosystem functions, such as the fluxes of particulate and dissolved materials across the sediment-water interface (SWI), are reasonably well studied; specifically, the net flux of particulate organic carbon and dissolved electron acceptors (e.g., oxygen, nitrate, sulfate) is typically downward across the SWI, while carbon dioxide, dissolved organic carbon, and various nutrients (e.g., ammonia, phosphate) frequently are released from the sediments into the water column. The rates and qualities of these fluxes are heavily modulated by the activities of the seafloor biota (e.g., microbial metabolism, suspension and deposit feeding, burrow irrigation) above and below the SWI, and by the structure of pelagic communities in the waters above (Snelgrove et al. 2000) . However, correlations between biodiversity above and below the SWI, in terms of either species or functional groups, have rarely been explicitly studied, and causal linkages are largely conjectural. Thus, our discussion of the effects of global change on relationships between above-and below-SWI diversity is necessarily speculative, serving primarily to highlight potential areas for concern and future study. We rely heavily on the well-documented assumption that major perturbations to benthic community structure and ecosystem function alter biodiversity, and on the reasonable supposition that such perturbations will alter biotic interactions across the SWI. Hence, our starting point for predicting the more serious effects of a particular component of global change (e.g., coastal-zone eutrophication) on diversity linkages across the SWI is to ask, "Will this anthropogenic process alter community structure and/or ecosystem function in major marine sedimentary habitats?" Like any ecosystem property, biodiversity (the number of species, higher-level taxa, or functional groups) varies with the spatial scale of organisms and/or habitat considered. For example, the species structure and metabolic types of active sedimentary bacteria vary over scales of millimeters, while individual mobile megabenthos (i.e., animals larger than 2 cm in smallest dimension) such as epibenthic holothurians and bottom fish may roam over distances of 10-1000 m within days or even hours. In addition, the biodiversity of any biotic size class in an ecosystem, such as the sedimentary bacteria within an estuary or the mobile megabenthos of an abyssal plain, may be considered in terms of three components (Schluter and Ricklefs 1993) : (1) alpha diversity, which is contained within a single relatively homogeneous habitat (for example, a mudflat or an abyssal plain in the case of macrofauna, defined as animals between 0.5 and approximately 20 mm in smallest dimension); (2) beta diversity, which characterizes the number of different habitat types (e.g., mudflats, high-energy beaches, mangrove swamps, seagrass beds) within a region; and (3) gamma diversity, which is the diversity of a region when integrating overall habitat types (resulting from the combination of alpha and beta diversity). Because the effects of global change are expected to be large in scale, we focus primarily on gamma diversity in this article.
We expect at least five anthropogenic processes to have a substantial impact on seafloor biodiversity and diversity linkages across the sediment-water interface: global climate change, coastal-zone eutrophication, species introductions, mariculture, and bottom fishing. Our discussion of these processes is intended to be a representative, rather than an exhaustive, treatment of the potential effects of global change on biodiversity in marine sediments and its linkages to overlying communities. We have selected these particular processes to illustrate the broad scope of human influences on marine sedimentary habitats.
Global climate change
Anthropogenic release of greenhouse gases is predicted to produce a number of changes in the ocean-atmosphere system over the next 80-200 years. Changes relevant to the function and diversity of benthic ecosystems may include the following: a rise in mean sea-surface temperature of more than 1.5°C between the latitudes of approximately 10°and 80°N; a 10% to 15% increase in precipitation (with little increase in evaporation) above 50°N latitude (Manabe et al. 1994) ; sea-level rise of approximately 50 cm (Houghton et al. 1995) ; increased frequency of extreme weather and climate events such as hurricanes, El Niños, and El Niño-like conditions (Peterson et al. 1993 , Houghton et al. 1995 ; and weakening, and possibly cessation, of the ocean's thermohaline (or "conveyor-belt") circulation (Manabe et al. 1994) .
Arctic and subarctic ecosystems are likely to be particularly affected by these predicted climate changes. Enhanced precipitation and consequent runoff over large areas of tundra will substantially increase river discharges in the Arctic and subarctic, potentially yielding large increases in sediment and nutrient input to coastal waters. Likely consequences include increased burial disturbance of estuarine and possibly inner shelf benthos, resulting in a shift to lowdiversity, low-productivity macrofaunal communities composed largely of small burrowing polychaete worms (e.g., sternaspids, cossurids, and capitellids). Such communities are characteristic of river deltas and estuaries subjected to very high rates of sedimentation (i.e., more than 1 cm y -1 ; Smith and Kukert 1996) . At present, the regions of highly productive nearshore Arctic benthos, e.g., beds of large bivalves and tube-dwelling amphipods, are used heavily by diverse predators in the water column, including ducks, gray whales, walruses, bearded and ringed seals, and demersal fishes (Dayton et al. 1994) . A shift over extensive estuarine and inner shelf areas to benthic assemblages of diminutive, burrowing polychaetes could remove the food source for many large benthic predators, very likely reducing the biodiversity of some benthic and pelagic coastal Arctic habitats. However, the spatial scales of estuarine and coastal burial disturbance resulting from increased Arctic runoff are very difficult to predict because of potential nonlinear interactions between enhanced rainfall and soil erosion.
These projected climate changes are likely to have additional dramatic, unpredictable effects on Arctic benthic ecosystems. For example, warmer sea-surface temperatures will reduce sea-ice cover; this, in combination with greater freshwater runoff, will enhance the seasonal stratification of the Arctic water column. Increased stratification coupled with greater riverine nutrient input should favor higher phytoplankton production during the Arctic spring bloom, potentially increasing the spring flux of labile phytoplankton detritus to seafloor communities (Mann and Lazier 1991) . However, prolonged stratification is also likely to inhibit vertical mixing and reduce primary production during the remainder of the summer-fall primary production cycle. The net effect is likely to be an intensification in the seasonality of phytodetrital flux to the shelf benthos, increasing the chances of periodic hypoxia (low-oxygen stress) and anoxia (no oxygen) at the shelf floor caused by extreme organic loading during phytoplankton blooms (Figure 1 ; Pearson and Rosenberg 1978, Diaz and Rosenberg 1995) . The magnitude of such seasonal increases in seafloor organic-carbon flux and oxygen stress is impossible to predict, however, because higher seawater temperatures may also produce a more active microbial loop in the water column (Pomeroy et al. 1991) , enhancing pelagic recycling of phytoplankton production before it can reach the seafloor.
Higher sea-surface temperatures in the Northern Hemisphere will also shift marine biogeographic provinces northward, possibly enhancing the transarctic exchange of temperate benthic species between the North Pacific and the North Atlantic. Shallow-water sea urchins, enteropneusts, and macroalgae show genetic evidence of similar exchange during warming periods of the Pleistocene Epoch (Palumbi ) for days to weeks. Severe hypoxia (seasonal or otherwise) causes a shift to low-diversity assemblages of smallbodied opportunistic polychaetes and crustaceans (successional stage I) and a dramatic reduction in the depths of porewater irrigation and solid-phase bioturbation; the resultant anoxic sediments release relatively large amounts of nutrients, including nitrate and phosphate (Diaz and Rosenberg 1995) . When bottom waters remain anoxic, metazoans disappear, and the benthic community becomes dominated by microbes. Modified from Diaz and Rosenberg (1995) .
and Kessing 1991, Dayton et al. 1994 , King et al. 1995 , indicating that dispersal of benthic propagules (e.g., planktonic larvae) through the Northwest Passage after global warming is very possible. By facilitating the introduction of "exotic" species from a different ocean, such transarctic exchange could yield ecosystem effects and species diversity loss similar to those caused by species introductions (discussed below). In addition, by allowing continuous gene flow between currently allopatric populations in the North Atlantic and North Pacific (e.g., the sea urchin Strongylocentrotus pallidus and the enteropneust Saccoglussus bromophenolusus), such exchange could cause within-species losses of genetic diversity and evolutionary potential derived from the differing selective regimes and histories of the Pacific and Atlantic.
The effects of roughly 50 cm of sea-level rise may seem moderate, causing only a slight upward shift in the intertidal zone throughout the world's oceans. However, this rise would accelerate major destruction of marine wetlands, such as tidal mud flats, seagrass beds, salt marshes, and mangrove swamps, throughout the world. In the United States, for example, freshwater and marine wetland habitats have been reduced in area by more than 50% in the last 200 years (Dahl 1990) , with more than 90% of tidal marshes eradicated in some major estuaries (e.g., San Francisco Bay; Nichols et al. 1986 ). Many wetland habitats in developed countries are now "backstopped" by human residential and industrial developments and bordered by dikes. Because of the high value of coastal real estate and the dramatic growth of human populations in the coastal zone, we expect that the heights of most existing wetland dikes will be raised to withstand a 50-cm sea-level rise; thus, the upper boundaries of many intertidal and shallow subtidal habitats are unlikely to be allowed to shift landward as their lower margins become inundated by rising waters. Considering that the tidal range along many coastlines is less than 2 m, a 50-cm rise in sea level is likely to cause substantial further reductions in tidal wetlands. The net result will be still more loss of wetland habitats (e.g., salt marshes on the East Coast of the United States, the tidal flats of San Francisco Bay, mangrove swamps in the tropics) that serve as major nursery grounds and adult habitat for commercial and recreational species of marine fish, bivalves, crabs, and shrimp, and as critical feeding grounds for resident and migratory birds (Nichols et al. 1986, Robertson and Alongi 1992) . Such wetland loss could easily reduce beta diversity along developed coastlines significantly, yielding concomitant losses in regional biodiversity of benthos and in the abundance and diversity of aquatic birds. Reductions in aquatic bird populations could also alter biodiversity linkages across the SWI interface of many remaining wetlands because the intense feeding activities of birds (e.g., sandpipers and eider ducks) often substantially alter small-scale heterogeneity, the abundance of dominant infaunal species (e.g., corophiid amphipods), and even sediment stability in mudflat habitats (Daborn et al. 1993 , Hall et al. 1994 ).
Global warming is expected to substantially increase the frequency of extreme weather and climate events, such as hurricanes and El Niño-Southern Oscillation events (ENSOs), that are fueled by energy from the tropical oceans (Houghton et al. 1995) . Hurricanes and ENSOs severely alter biodiversity patterns and linkages of benthic communities on ocean margins. When hurricanes reach the land, they yield dramatic flushing and erosion of important coastal habitats such as lagoons, seagrass meadows, and mangrove swamps. In the mangrove swamps that line approximately 60% of tropical coastlines (Robertson and Alongi 1992) , hurricanes can cause massive damage and flush accumulated mangrove detritus out onto the continental shelf. For example, in the extensive red mangrove swamps of Jobos Bay, Puerto Rico, approximately 70% of the mangrove stands were destroyed or heavily damaged by Hurricane Georges in 1998 (Amanda Jones, University of Hawaii, personal communication). As a consequence, habitat structure is lost for numerous species both below and above the SWI (including juvenile fish, crabs, and shrimp) that normally shelter within the mangrove root system. In addition, the primary and secondary productivity of the mangrove sediments is very likely reduced drastically by loss of inorganic nutrients and organic-rich detritus from the mangrove sediments, limiting the suitability of the mangrove habitat as a productive nursery ground for diverse pelagic species. Although mangrove ecosystem recovery from hurricane disturbance is poorly evaluated and is the topic of active research in Jobos Bay, full recovery is certain to require a number of years.
In eastern Pacific upwelling zones, such as the Peru-Chile margin, El Niños can dramatically increase biodiversity of the shelf benthos by replacing normally hypoxic waters over the shelf with better oxygenated water masses from the subtropical ocean. Under normal (non-El Niño) conditions, shelf macrobenthos in the Peru-Chile upwelling zone often are heavily oxygen stressed, exhibiting low biodiversity, low biomass, and little bioturbation activity (e.g., burrow formation, deep pore-water irrigation) (Rosenberg et al. 1983 , Gallardo et al. 1995 , Lisa Levin, Scripps Institution of Oceanography, personal communication); in essence, they resemble the oxygen-stressed communities resulting from the eutrophication (Figure 1 ). Under these conditions, there are likely to be few interactions between pelagic and benthic fauna because bottom-feeding fish (e.g., flatfishes) will find few prey in the sediments, few benthic species will release their larvae into the water column, and most large nekton are intolerant of low oxygen conditions and will die or move elsewhere. The recycling of nitrate and phosphate from the sediments to the water column may be relatively high, however, because anoxic sediments appear to release more nitrate and phosphate than do bioturbated sediments with both oxic and anoxic microhabitats ( Figure 1 ; Aller 1994, Diaz and Rosenberg 1995) . During El Niño conditions, higher oxygen availability in bottom water allows macrobenthic communities on portions of the Peru-Chile shelf to increase dramatically in biodiversity, biomass, and bioturbation potential (Arntz et al. 1991) . Thus, the productivity of shelf benthos, as well as the abundance and diversity of bottom-feeding fish, may increase substantially during El Niños at the same time that water-column (e.g., anchovy) productivity on the Peru-Chile margin is in dramatic decline because of reduced upwelling and poorer regeneration of benthic nutrients (Peterson et al. 1993 ). Because El Niños or El Niño-like conditions are expected to become more frequent on the Peru-Chile margin as a consequence of global warming, the benthos will likely assume much greater significance in the food webs of the Peru-Chile shelf and slope (Peterson et al. 1993) . In particular, macrobenthic productivity and biomass on the Peru-Chile shelf could become very high during oxic periods resulting from prolonged El Niño conditions, because benthic detritivores will be able to mine the "food bank" of organic-rich sediments and microbial biomass that accumulates during normal anoxic periods.
Major weakening or cessation of thermohaline circulation could have profound ramifications for benthic communities in the world's oceans. Thermohaline circulation drives the production and flow of the coldest, densest water masses that circulate as deep midwaters and bottom waters throughout much of the world's ocean below depths of approximately 1000 m. In the absence of active formation of cold deep and bottom waters, bottom waters will turn over much more slowly, and thus come into contact with the atmosphere less frequently to be replenished with oxygen. Longer residence times for deep waters could cause major areas of the deep ocean basins to become hypoxic or even anoxic (Manabe et al. 1994) . A shift to anoxic bottom waters over large areas would probably occur gradually (i.e., over centuries) but ultimately would cause large-scale faunal extinction at the seafloor and in near-bottom waters. Such deep-water extinction apparently occurred after changes in ocean circulation caused by global warming in the Paleocene Epoch, 57 million years ago (Kennett and Stott 1991) . Humaninduced changes in thermohaline circulation and bottomwater oxygen levels are necessarily very speculative; if they did occur, however, the extraordinarily high biodiversity thought to occur in the deep sea (Snelgrove and Smith in press) would undoubtedly plummet, and biodiversity linkages would be altered in complex ways that defy reasonable prediction.
Coastal-zone eutrophication
Human populations are increasingly concentrated along shorelines; within the next decade, for example, more than 60% of humans in the United States, Europe, and Australia will reside within 75 km of the coast. At present, human activities (e.g., wastewater discharge, agricultural fertilization, disposal of animal wastes, and fossil fuel burning) inject massive quantities of new nitrogen and micronutrients (e.g., iron) into estuarine and shallow coastal waters (Figure 2) , and this nutrient loading will increase substantially in the coming decades (Paerl 1997) . Atmospheric input and groundwater discharges of anthropogenic nitrogen alone account for 20% to 50% of the new nitrogen entering non-upwelling coastal waters (Paerl 1997) . These nonpoint sources of new nitrogen are more easily overlooked by the public and less readily controlled than point sources of nutrients (e.g., sewage and factory outfalls); they also may contribute disproportionately to eutrophication on the open coast because they bypass the nutrient filtering effects of estuaries (Paerl 1997) . Because algal production in most estuarine and coastal waters is nitrogen-limited, anthropogenic input of new nitrogen increasingly results in eutrophication, i.e., in enhanced primary production and greater frequencies and intensities of algal blooms (Anderson and Garrison 1997) . For example, a sixfold increase in the human population of the city of Hong Kong has been accompanied by an eightfold increase in the frequency of harmful algal blooms in surrounding waters (Paerl 1997) . Many of these blooms (e.g., "red tides" and "brown tides") cause complex deleterious effects on benthos and alter bentho-pelagic coupling because the blooms contain toxins, shade seafloor vegetation, and/or deplete bottom-water oxygen as high quantities of algal detritus degrade at the seafloor (Figure 2) . Two examples of harmful algal blooms illustrate some of their effects.
Since 1985, embayments along the coasts of Rhode Island, New Jersey, and New York have been subjected to "brown tides" in the spring and summer when intense blooms (up to 10 6 cells ml -1 ) of a small phytoplankter (Aureococcus anophagefferens) discolor the water (Bricelj and Lonsdale 1997) . These algal blooms lower the diversity of phytoplankton in the water column and appear to be initiated by the delivery of micronutrients (e.g., iron) from surrounding watersheds. The brown tides cause severe shading damage to eelgrass beds (Zostera marina) in Great South Bay, New York, reducing nursery habitats and predation refuges for many finfish and benthic invertebrates (Bricelj and Lonsdale 1997) . The brown tides also severely affect suspensionfeeding bivalves, particularly the commercially exploited bay scallop (Argyropecten irradians) and the blue mussel (Mytilus edulis). Adult populations of these bivalves suffer severe mortality from feeding on high concentrations of the toxic microalga. The toxic brown tides are synchronous with the periods of spawning, planktonic growth, and larval settlement of these prominent suspension feeders, causing massive recruitment failure of scallops and mussels in Great South Bay. The bay scallop fishery, in particular, is heavily damaged by severe brown tides (Figure 3) , with fishery yields reduced for years (Bricelj and Lonsdale 1997) . In this example, reduced biodiversity in the water column (specifically in the phytoplankton assemblage) is correlated with dramatic alterations in the species, trophic, and habitat structure of the benthos; however, the decline in benthic biodiversity appears to result from the toxic nature of the blooming phytoplankter rather than from the absence of a diverse phytoplankton assemblage.
A fascinating, and chilling, example of the "benthos" as a cause of reduced pelagic biodiversity involves the dinoflagellate Pfiesteria piscicida. This species, and toxic dinoflagellates in the same genus, form cysts that can remain dormant within eutrophic estuarine and coastal sediments for long periods of time (Burkholder and Glasgow 1997) ; in fact, during much of its complex life cycle, this dinoflagellate is part of the benthos. In response to an unidentified cue in the excretions or secretions of fish, these dinoflagellates sometimes swarm out of the sediment and release an extremely potent toxin, killing massive numbers of fish (10 3 -10 9 fish in single outbreaks). The dinoflagellates then consume the dead fish tissue and return to the sediment, where they undergo an extremely complex life cycle involving multiple amoeboid, gametic, and cystic stages (Burkholder and Glasgow 1997) . By removing the ichthyofauna, outbreaks of this toxic dinoflagellate yield massive, episodic reductions in trophic complexity and species diversity in estuarine and coastal water columns. In addition, removal of the ichthyofauna alters linkages across the SWI because many estuarine fish feed on benthic invertebrates. Pfiesteria outbreaks also reduce biodiversity in sediments by poisoning suspension feeders (e.g., bivalves) and by yielding anoxia caused by fish decomposition (Figure 1) . Outbreaks of Pfiesteria have been reported from coastal waters of the western Atlantic, the Gulf of Mexico, and the Mediterranean Sea, and appear to be increasing worldwide because of anthropogenic eutrophication (Burkholder and Glasgow 1997) .
The most widespread deleterious effect of anthropogenic eutrophication is a dramatic increase in hypoxia and anoxia in coastal bottom waters (Diaz and Rosenberg 1995) . Under natural conditions, many estuarine, shelf, and slope habitats have low bottom-water concentrations of oxygen because of salinity stratification and sluggish circulation, and a number of these habitats suffer from periodic or permanent low-oxygen stress. However, anthropogenic eutrophication appears to be increasing the frequency and spatial scales of hypoxia and anoxia in coastal habitats dramatically (Boesch and Rabalais 1991) . Eutrophication enhances benthic oxygen stress by stimulating algal blooms, which increase the flux of organic matter to the seafloor; the decomposition of this material in turn increases the biological oxygen demand of the sediment, in many areas pushing bottomwater oxygen concentrations below thresholds stressful to benthic animals (0.4-1.4 ml/l). As a consequence of extreme hypoxic stress to the benthos, sediment irrigation and oxygenation often decrease (Figures 1 and 2) , preventing the coupling of nitrification (conversion of ammonia to nitrate) to denitrification (conversion of nitrate to nitrogen [or N 2 ] gas). This often causes more nitrogen to be released from anoxic sediments as nitrate (a phytoplankton nutrient) rather than as relatively inert N 2 gas (Aller 1994, Diaz and Rosenberg 1995) . Phosphate is also released at higher rates from anoxic sediments (Diaz and Rosenberg 1995) . The higher release of phytoplankton nutrients from anoxic sediments can yield a positive feedback loop by further stimulating primary production, phytodetritus deposition, and organic-matter decomposition at the seafloor. Diaz and Rosenberg (1995) list at least 23 areas documented in the scientific literature as suffering increasingly from severe oxygen stress resulting from coastal eutrophication. Areas periodically oxygen-stressed are often quite large, covering hundreds to thousands of square kilometers (e.g., 250 km 2 in the Gulf of Trieste, approximately 3000 km 2 in the Kattegat between Denmark and Sweden, and 8000-9500 km 2 on the Louisiana shelf). Many of these areas appear to be near a threshold at which further oxygen depletion will yield catastrophic benthic mortality, loss of seafloor biodiversity (Figure 1) , and alteration of food webs leading from the sediments to crustacean and finfish fisheries above the SWI (de Jonge et al. 1994) . It is important to note that because Diaz and Rosenberg (1995) have focused on oxygen-stressed sites reported in scientific journals, their list clearly represents the tip of the hypoxic/anoxic iceberg. To quote these authors: "There is no other environmental parameter of such ecological importance to coastal marine ecosystems that has changed so drastically in such a short period of time as dissolved oxygen.... If we do not move quickly to reduce or stop the primary cause of low oxygen, the decomposition of excess primary production associated with eutrophication, then the productivity structure of our major estuarine and coastal areas will be permanently altered."
Species introductions
The anthropogenic introduction of non-native species to coastal benthic ecosystems is a global phenomenon. Most of these introductions have resulted from the unintentional transport of adult or larval benthos on ship bottoms, in mariculture stocks, or in ship ballast water. However, many species have been intentionally introduced to new marine habitats: Examples include the eastern American oyster (Crassostrea virginica) imported into Great Britain and San Francisco Bay, as well as the introduction of mangroves, tilapia, and Samoan crabs to the Hawaiian Islands. The scale of such species introductions is sobering: Approximately 140 exotic marine species have become established in San Francisco Bay, and 101 invading species have been collected in Pearl Harbor, Hawaii (Nichols et al. 1986 , Coles et al. 1999 .
Because introduced species share no recent evolutionary history with native inhabitants, the effects of species invasions can be dramatic and are often difficult to predict. Local faunas frequently may be unable to withstand the competition and/or predation from successful invaders, with consequent large changes in benthic biodiversity, in bentho-pelagic coupling, and even in the basic structure of the coastal habitat. Two examples illustrate the types of alterations that can occur after species introductions into coastal communities. In 1986, the euryhaline bivalve Potamocorbula amurensis, a suspension feeder approximately 2 cm long, was first collected in San Francisco Bay after its apparent transport from northern Asia as larvae in the seawater ballast of cargo ships (Carlton et al. 1990, Carlton and Geller 1993) . By 1988, it had spread throughout the estuary, living in a broad range of substrate types (sand, mud, peat, and clay) at salinities of 1-33. Potamocorbula amurensis achieves very high densities (more than 12,000 m -2 ) in the upper bay, apparently excluding formerly abundant bivalve species via competition; it also enhances sediment resuspension because its shallow burrowing destabilizes sediments and increases bed roughness (Carlton et al. 1990 . Potamocorbula amurensis also has profound effects on water column biota; since it became widespread in 1987, the summer phytoplankton bloom in San Francisco Bay has disappeared, and the annual mean phytoplankton biomass has dropped dramatically (Alpine and Cloern 1992) . Thus, the rapid proliferation of this invading clam in San Francisco Bay has decreased the biodiversity of benthic assemblages in much of the estuary, and has also dramatically altered community structure, energy flow, and (most likely) biodiversity in the water column. As with the brown tide example, a change in biodiversity on one side of the SWI (in this case within the seafloor) appears likely to be correlated with a change in biodiversity on the other side of the SWI (in the water column); whether this correlation results from direct linkage between biotic complexity below and above the SWI remains unclear.
A second example of dramatic community change after species invasion involves the intentional introduction of mangroves first imported from Florida to the Hawaiian Islands in 1902 (Allen 1998) . Before these introductions, Hawaii had essentially no marine vascular plants; now two species of mangroves (particularly the red mangrove Rhizophora mangle) maintain populations on all the main islands, fringing substantial portions of protected coastlines, streams, and drainage channels (Figure 4 ). Mangroves are major ecosystem "engineers": Their prop roots baffle water flow and facilitate the deposition of fine sediments, they provide hard substrates and predation refuges for a variety of invertebrates and fishes, and they produce large amounts of tannin-rich detritus (Robertson and Alongi 1992) . Thus, mangroves have changed many coastal habitats in Hawaii from moderate-energy sand communities into low-energy organic-rich muds; this change has undoubtedly altered patterns of infaunal biodiversity because coastal muds are notoriously less rich in meiofauna than are nearshore sand communities. Since mangrove detritus is toxic to many detritivores (Alongi and Sasekumar 1992) , mangrove production is likely to be altering the structure of Hawaiian detrital food webs in both the benthos and the water column. Hawaiian mangrove habitats also appear to be relatively poorly used by native species (Amanda Jones, University of Hawaii, personal communication); thus, they may provide footholds for other potentially invading species that ultimately threaten Hawaii's 500 species of endemic invertebrates. Despite this major potential impact, the effects of mangroves on the diversity and community structure of coastal benthos in Hawaii remain very poorly evaluated.
While many species introductions yield few discernable ecological effects, there are numerous examples of ecosystem changes resulting from marine species invasions (Carlton 1989) . Invaders with high fecundities, opportunistic life histories, or the ability to fill open niches in the invaded assemblage seem especially likely to have negative ecological effects. Some of the more dramatic examples of species introductions include invasion by the North American slipper limpet (Crepidula fornicata) of the Atlantic and Mediterranean coasts of Europe, where it can attain biomasses of more than 0.5 kg m -2 dry weight (Montaudouin et al. 1998) , and the rapid recent spread of the benthic green alga Caulerpa taxifolia to the coastlines of five Mediterranean countries (Meinesz and Boudouresque 1996) , where it overgrows both soft and hard substrates and excludes seagrasses and benthic invertebrates that serve as food for, and promote the diversity of, bottom-feeding fish. Such species invasions will continue, and possibly accelerate, because more than 90% of international trade occurs by ocean shipping. Extinction of marine species on local and even global scales appears inevitable, as do associated changes in biodiversity and ecosystem function. Unfortunately, the number of marine extinctions will be difficult to evaluate, much less predict, until scientists obtain substantially better knowledge of the taxonomy, population genetics, and geographic distributions of coastal benthos (Committee on Biological Diversity in Marine Systems 1995). Ultimately, many estuaries may experience ecological changes of the same magnitude as San Francisco Bay, which bears little resemblance in biodiversity or ecosystem function to the tidal marshes encountered there by Spanish soldiers and missionaries in 1769 (Nichols et al. 1986 ).
Mariculture
Mariculture, or the farming of the marine environment, is an important source of seaweed, shellfish, crustaceans, and finfish for human consumption. Worldwide maricultural production is roughly 12 million tonnes wet weight per year, approximately 15% of the world catch from wild fisheries (Beveridge et al. 1997) . Conservative estimates predict that maricultural production will increase more than 50% by the year 2010 (Beveridge et al. 1997) .
Almost all mariculture occurs in sheltered coastal waters (e.g., bays, estuaries, and wetlands) with technology ranging from salmon cages and mussel rafts placed in the water column to enclosed shrimp ponds dug next to bays and lagoons (Committee on Biological Diversity in Marine Systems 1995). Mariculture is increasingly focused on the production of high-value carnivorous fish (e.g., salmon) and crustaceans (e.g., shrimp) using "intensive" methods, i.e., ones in which essentially all of the nutritional requirements of the cultivated species are met by the farmer, typically from fish meal (Beveridge et al. 1997) . Although the intensive mariculture of fish and shrimp is quite costly, rivaling the production costs of beef (Table 1) , the profitability of this form of farming suggests that it will continue to expand in the future. It is popularly believed that mariculture uniformly helps to alleviate the problem of overfishing of wild marine stocks, but as long as fish and shrimp farming rely on fish meal feeds derived from wild fisheries, this belief is mistaken (Naylor et al. 2000) .
Mariculture, particularly when it involves intensive techniques, has a number of potentially dramatic effects on benthic habitats, including organic enrichment, discharge of drugs and chemicals, destruction of tidal wetlands, release of exotic genetic material into the environment, and spread of disease through the transport of culture stock. Organic enrichment resulting from the accumulation of uneaten food and fecal and excretory products on the seabed is relatively well understood (Weston 1990) ; the effects are similar to, albeit smaller in spatial scale than, those resulting from organic loading and low-oxygen stress produced by coastal eutrophication (Figure 1) . A broad range of antibiotics (approximately 30 antibacterial compounds) is used in mariculture, particularly in finfish feeds in Europe, North America, and Japan, and for crustacean farming in Latin America and Asia (Beveridge et al. 1997) . Norway is the only country with extensive records of the amounts of antibiotics used in mariculture, and these indicate an enormous release of chemotherapeutics into the coastal environment. In 1987, one gram of antibiotic was used per kilogram of salmon produced, yielding 49 tonnes of Beveridge et al. (1997) .
antibiotics placed into Norwegian coastal waters (Beveridge et al. 1997) . By 1993, antibiotic use per kilogram of salmon in Norway had dropped fivefold; nevertheless, approximately 10 tonnes of antibiotics were used in Norwegian salmon farms. The environmental effects of such antibiotic releases are poorly understood, although it is known that the drugs may accumulate in underlying sediments that act as long-term reservoirs, imposing antibiotic stress on the sediment microflora. A number of studies have demonstrated increased resistance in pathogens as a consequence of widespread use of antibiotics in mariculture (Beveridge et al. 1997) ; thus, changes in the genetic diversity of sedimentary microbes through selection for antibiotic-resistant strains may ultimately threaten the health of human populations living far above the SWI. Destruction of tidal wetlands to allow construction of shrimp ponds and associated infrastructure such as roads, dikes, and canals is a particular threat to benthic habitat diversity in the tropics. In the Philippines alone, approximately 1500 km 2 of new shrimp ponds were constructed in the coastal zone from 1941 to 1987, largely at the expense of mangrove and wetland habitats (Beveridge et al. 1997) . Active construction of shrimp ponds has also occurred in Latin America and Southeast Asia. Intensive shrimp farming affects wild fish populations and benthic habitats in a number of direct and indirect ways, including reduction of natural fish populations through reliance on fish meal feeds, loss of tidal marsh and mangrove habitats that serve as nursery grounds for wild shrimp and fish populations, and reduction of the flux of mangrove and marshgrass detritus into coastal food webs (Naylor et al. 2000) . Disease agents, antibiotics, and concentrated nutrients may also be released into estuarine and coastal waters when ponds are drained for harvest or cleaning. Though the broad-scale effects of shrimp-pond construction and operation on biodiversity and linkages between species in the coastal zone are potentially large, they apparently remain poorly studied.
Mariculture may also affect genetic diversity in the natural environment through release of exotic species (including competitors, predators, and pathogens) transported with, or as, culture stock (e.g., Crepidula fornicata and Crassostrea virginica, transported from America to Europe); through the introduction of nonadaptive genes into natural populations by escaping (i.e., "feral") animals; and through reductions of natural population sizes because of collection of wild eggs, larvae, fry, and juveniles to seed cultures (e.g., shrimp ponds). The effects of feral animals on the genetic diversity of natural populations may be particularly important (Committee on Biological Diversity in Marine Systems 1995). For example, hundreds of thousands of salmonids apparently escape each year from Chilean ranches and farms into coastal waters (Beveridge et al. 1997) . The potential ecological effects of species introductions are beginning to be appreciated; however, the genetic effects of feral animals and the deleterious consequences of seed-stock collection are poorly understood. If they are large, such effects clearly could influence bentho-pelagic coupling and sediment biodiversity because the wild populations of many farmed species (e.g., shrimp, Samoan crabs) can be voracious natural predators that regulate the species structure of sediment communities (Peterson 1979 , Reise 1985 .
Bottom fishing
A large portion the world's fisheries yield (approximately 30%) is derived from bottom fisheries. Bottom fishing techniques include deployment of mobile gear, such as weighted trawls and dredges, that is dragged over the seafloor to capture cods, flatfishes, shrimps, and other species residing near the SWI. Fixed gear, including gill nets, long lines, crab traps, and lobster pots, captures mobile near-bottom species. Fishing activity may affect seafloor ecosystems through disruption of bottom habitats, enhancement of scavenger resources (resulting from bycatch dumping, ghost fishing, and noncatch mortality), and removal of key predators as target, bycatch, or ghost-fished species (Dayton et al. 1995, Jennings and Kaiser 1998) .
The effects of fixed gear on the biodiversity of seafloor ecosystems are likely to be significant, though they have been poorly studied (Dayton et al. 1995, Jennings and Kaiser 1998) . However, the effects of mobile gear, such as trawls and dredges, appear to be the most damaging to seafloor ecosystems. Trawling and dredging remove important predators, kill most large epibenthos (e.g., sponges, echinoderms, corals), destroy biogenic structures, alter sediment characteristics (including microbiology, geochemistry, and grain size), and directly affect enormous areas of the seafloor (Jones 1992 , Dayton et al. 1995 , Jennings and Kaiser 1998 . Trawling is a very nonselective fishing technique, with up to 85% of the biomass taken by shrimp trawling, for example, consisting of "bycatch" that is dumped dead or moribund back into the ocean (Jones 1992) .
Trawling and dredging are likely to affect biodiversity and linkages between species on both sides of the SWI. For example, many infaunal populations are heavily preyed upon by targeted commercial species such as flatfish, crabs, and shrimp, and under natural conditions, infaunal population densities and species richness may often be limited by the commercial, above-SWI species (Peterson 1979 , Collie 1987 . Simple removal of these major predators is likely to alter infaunal biodiversity, in some cases increasing species richness (Peterson 1979 , Reise 1985 . However, the disruption of the physical structure of surface sediments that accompanies trawling apparently depresses biodiversity by homogenizing microbial microhabitats and destroying the biogenic structures that numerous protozoan, meiofaunal, and macrofaunal species appear to depend upon (Thrush et al. 1998 ). Bycatch dumping is likely to shift the trophic structure of the near-bottom fauna away from specialized infaunal predators (e.g., flatfishes) toward scavengers and omnivores, such as hagfish and lysianassid amphipod crustaceans (Smith 1985 , Dayton et al. 1995 , changing the nature of predation pressure across the SWI. In heavily trawled areas such as the Gulf of Maine and the Georges and Grand Banks, benthic food webs have been dramatically altered, with cods and flatfish being replaced by crustaceans, rays, or skates (Jones 1992 , Snelgrove 1999 . These food web changes clearly affect functional linkages across the SWI and are in urgent need of study.
Thus, frequent bottom trawling and dredging, which normally target species above the SWI, are likely to alter biodiversity dramatically within the sediments below. Recurrent trawling/dredging disturbance can cause a shift in the infaunal macrobenthos from large-bodied, long-lived forms (e.g., echinoids and large clams) to small-bodied, opportunistic brittle stars and polychaetes (Jones 1992 , Thrush et al. 1998 . Such a shift will alter prey availability for predatory fish and crustaceans living above the SWI, potentially further stressing the natural (i.e., pre-exploitation) assemblage of demersal predators. Because the prime fishing grounds in many shelf areas (e.g., the North Sea and the Gulf of Maine) are completely trawled at least once per year (Jones 1992, Jennings and Kaiser 1998) , the food webs and biodiversity linkages of large areas of the world's shelves must be substantially altered by bottom fisheries (Pauley and Christensen 1995, Thrush et al. 1998 ). These trawling effects are potentially very damaging on a global scale because, unlike terrestrial ecosystems in which large undisturbed areas still exist, the overwhelming bulk of trawlable, softbottomed shelf habitats have been affected by fisheries for many decades, leaving few undisturbed reservoirs of shelf biodiversity (Pauley and Christensen 1995) . In deeper areas of fisheries, i.e., below 500 m, trawling may not yet be as widespread; however, trawling is potentially even more damaging to biodiversity and ecosystem function because low biological rates cause the recovery of target populations (e.g., orange roughy) and seafloor habitat structure in these deeper waters to be substantially slower than on the shelf, quite possibly requiring decades or longer (Jones 1992 , Dayton et al. 1995 . In summary, bottom trawling and dredging are clearly altering biodiversity above and below the SWI, and biotic interactions across this interface, over vast areas of the continental shelf and slope.
Other anthropogenic processes
Our discussion of anthropogenic processes that may alter biodiversity of marine soft sediments is necessarily far from exhaustive. Clearly, many other processes resulting from human activities affect sediment and water column biodiversity, and their linkages, on essentially global scales, including alteration of freshwater input into estuaries, pollutant loading (Snelgrove 1999) , and pelagic overfishing (Dayton et al. 1995) . The effects of some of these processes, such as alteration of freshwater input and, in particular, pollutant loading, are relatively well studied and have started to enter the public consciousness (Mann and Lazier 1991 , Committee on Biological Diversity in Marine Systems 1995 , Snelgrove 1999 ). Thus, measures are being undertaken to mitigate at least a few of these damaging ecosystem effects (e.g., wetlands loss, toxin loading of harbor sediments). Nonetheless, the destructive influences of these processes on marine biodiversity and bentho-pelagic coupling over broad areas are still far from being well understood or effectively managed, and are worthy of detailed consideration.
Conclusions
Because of space limitations, we have focused on the effects of five representative anthropogenic processes on biodiversity above and below the SWI: global climate change, coastalzone eutrophication, species introductions, mariculture, and bottom fishing. Several sobering conclusions can be drawn regarding the effects of these and other deleterious anthropogenic influences on biodiversity in marine sediments and biodiversity linkages across the SWI.
First, the potential effects of anthropogenic global change on biodiversity linkages across the SWI are remarkably broad-based, affecting habitats from the tropics to polar regions, from the intertidal to the deep sea, and influencing organisms ranging from sediment microbes to marine mammals. Although humans are a terrestrial species, they have the potential to profoundly alter patterns of biodiversity and ecosystem function in marine sediments, as well as critical couplings between seafloor and water column processes. These alterations appear to be occurring over enormous areas, and affect many habitats not directly contacted by humans.
Second, the global effects of human activities on marine sedimentary habitats are likely to intensify. This intensification will occur because of both human population growth and the increasing concentration of human activities in the coastal zone. Biodiversity linkages across the SWI will be increasingly altered, and their natural, or predisturbance, state will be more difficult to assess.
Finally, many of the marine benthic predictions we make concerning the consequences of anthropogenic global change are highly uncertain. This uncertainty results partly from the fact that global-scale consequences of many human activities, such as the production of greenhouse gases, are still very difficult to predict. It also results from the unfortunate fact that patterns of biodiversity, and biodiversity linkages, have been poorly studied in most marine soft-sediment habitats. Considering that marine soft sediments provide a large number of essential ecosystem services (e.g., estuarine nutrient filtering; coastal-zone nutrient regeneration; burial of organic carbon, wastes, and pollutants; storm protection of shorelines and human property), that they are linked directly or indirectly to a large number of commercial and recreational activities (fishing, bathing, boating, and whalewatching, to name a few), and that they represent an incredible reservoir of evolutionary and biotechnological information (perhaps 10 9 species worth; Snelgrove and Smith in press), this lack of knowledge is both surprising and disappointing. It is essential that scientists organize and fund research programs at national levels to explicitly study the nature and causes of genetic, species, and habitat diversity in a broad range of marine ecosystems, and ecological responses to natural and ever-increasing anthropogenic stresses above and below the SWI (Committee on Biological Diversity in Marine Systems 1995). It is only through carefully conceived, well funded, and concerted scientific effort that biodiversity linkages across the SWI will be understood. An understanding of such linkages may ultimately prove essential to predicting, managing, and perhaps mitigating many of the deleterious effects of human activities on biodiversity in marine ecosystems.
